
276

J. N. Am. Benthol. Soc., 2003, 22(2):276–291
q 2003 by The North American Benthological Society

Direct and indirect effects of mine drainage on bacterial processes in
mountain streams

DEV K. NIYOGI1 AND WILLIAM M. LEWIS, JR.
Center for Limnology, Cooperative Institute for Research in Environmental Sciences,

University of Colorado, Boulder, Colorado 80309-0216 USA

DIANE M. MCKNIGHT

Institute for Arctic and Alpine Research, University of Colorado, Boulder, Colorado 80309-0450 USA

Abstract. The effects of mine drainage on 2 bacterial processes were examined in Rocky Mountain
streams affected by mine drainage. Thymidine incorporation into bacterial DNA was measured as
an index of bacterial production, and nitrification was examined because it is sensitive to a variety
of stressors. These processes, as well as pH, concentration of dissolved Zn, and deposition rate of
metal oxides, all of which are influenced by mine drainage, were measured at 37 sites. The concen-
trations of inorganic nutrients and dissolved organic carbon (DOC), as well as algal biomass (as
chlorophyll a), also were measured at each site. The rate of incorporation of thymidine into DNA was
negatively related to deposition of metal oxides and positively related to pH, algal biomass, and
concentration of DOC. pH, DOC, and algal biomass together explained 59% of the variation in thy-
midine incorporation among sites in a multiple regression. Metal oxide deposition probably influ-
enced thymidine incorporation through suppression of algal biomass and through sorption of a frac-
tion of the DOC. The nitrification potential for microbes on gravel substratum removed from streams
was estimated as the rate of NO3

2 production following addition of NH4
1. Nitrification was unde-

tectable at pH , 5.3 or Zn . 2 mg/L. Low pH (,6, as a categorical variable), concentration of Zn
(which had a negative effect), and algal biomass (which had a positive effect) explained 77% of the
variation in nitrification potential. The results suggest that bacterial processes vary in their sensitivity
to the stressors from mine drainage, and that they can be disrupted both directly and indirectly.
Nitrification was sensitive to direct influences of acid mine drainage, namely acidity and dissolved
Zn. Low pH also affected thymidine incorporation. In contrast, acid mine drainage indirectly affected
both thymidine incorporation and nitrification potential through its influence on algal biomass, which
declined in response to deposition of metal oxides.

Key words: bacterial processes, thymidine incorporation, bacterial production, nitrification, mine
drainage, streams.

Ecosystem processes are an important indi-
cator of ecosystem health (Meyer 1997, Hill et
al. 2002), but often are overlooked in consider-
ing the effects of anthropogenic stress on eco-
systems (Cairns 1983). Bacteria perform many
important processes in stream ecosystems. They
break down both dissolved and particulate or-
ganic matter (Suberkropp 1998), and are medi-
ators in many biogeochemical pathways, such as
the oxidation and reduction of N, S, and Fe. Bac-
teria can be consumed by higher trophic levels
and enter aquatic food webs through the micro-
bial loop (Meyer 1994). Thus, bacterial processes
warrant measurement and understanding in

1 Present address: Department of Biological Scienc-
es, University of Missouri-Rolla, 105 Schrenk Hall,
1870 Miner Circle, Rolla, Missouri 65409-1120 USA.
E-mail: niyogid@umr.edu

streams under anthropogenic stress. The pur-
pose of our research was to examine the effects
of mine drainage on 2 bacterial processes, thy-
midine incorporation and nitrification, in moun-
tain streams.

The substratum in mountain streams typical-
ly is composed of gravels, cobbles, and boulders
that support epilithic bacteria in close associa-
tion with other biota, especially algae, as a bio-
film. Heterotrophic bacteria in the epilithon rely
on organic C for energy, which can come from
several sources. Bacteria may obtain C from liv-
ing or dead algae in the biofilm, and from par-
ticulate and dissolved organic C (DOC) in the
stream. Bacterial productivity covaries with al-
gal abundance and productivity in some
streams (Kaplan and Bott 1989, Romanı́ and Sa-
bater 1999), but not in others (Findlay et al.
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1993, Sobczak and Burton 1996). Addition of la-
bile C to stream water usually increases bacte-
rial productivity (Maltby 1992, Sobczak 1996).

Microbial metabolism is responsible for most
processes in the N cycle, including nitrification,
which is the microbial oxidation of NH4

1 to
NO3

2 by chemoautotrophic bacteria. The nitri-
fication rate of a stream can influence the export
of N because the product, NO3

2, is more mobile
than NH4

1. At the same time, NO3
2 can be de-

nitrified to gaseous end products, which can be
an important sink for N in polluted streams
(e.g., Sjodin et al. 1997). The rate of nitrification
in streams is often related positively to concen-
trations of its reactants, NH4

1 and O2 (Strauss
and Dodds 1997, Kemp and Dodds 2001). Ni-
trification rate can be related negatively to con-
centrations of DOC because heterotrophic bac-
teria outcompete nitrifying bacteria for limiting
NH4

1 (Strauss and Lamberti 2000, 2002).
Mine drainage may affect the microbial pro-

cesses of C and N cycling in streams through 3
major stressors: 1) acidity, 2) high concentrations
of dissolved metals, and 3) deposition of hy-
drous metal oxides (Sode 1983, McKnight and
Feder 1984, Kelly 1988). Few studies have ex-
amined the effects of these stressors on bacterial
processes. Wassel and Mills (1983) noted altered
community structure of sediment bacteria in a
lake receiving mine drainage. Palumbo et al.
(1987) and Osgood and Boylen (1990) found low
production of epilithic bacteria in streams with
low pH. Nitrification can be disrupted by low
pH (Rudd et al. 1988) or metal toxicity (Singha
et al. 1998). However, the various stressors from
mine drainage may differ in their effects on
stream biota and ecosystem processes (Mc-
Knight and Feder 1984, Niyogi et al. 1999, 2001).
A comprehensive study examining these effects
on stream microbes is lacking.

We chose 2 bacterial processes to monitor in
streams under stress from mine drainage: thy-
midine incorporation because it is an index of
bacterial growth rate, and nitrification because
it is sensitive to stress (Rudd et al. 1988). We
expected nitrification, which is conducted by
specific taxa of bacteria, would be more sensi-
tive than thymidine incorporation, which mea-
sures growth of many bacterial taxa that could
have varying sensitivities to the effects of mine
drainage. We examined both the direct and in-
direct effects of the individual stressors from
mine drainage on these 2 processes. Bacteria

may be directly affected by low pH and metal
toxicity, but also may be indirectly affected by
mine drainage because of its effects on algal bio-
mass and DOC.

Methods

Site descriptions

Study sites were located on low-order streams
at high elevation (2700–3400 m asl) in the Rocky
Mountains of Colorado in regions with a history
of mining (Fig. 1). Thymidine incorporation and
nitrification potential were measured at 37 sites.
The study sites varied greatly in amount of
mine drainage entering streams. Some sites
were unaffected by mine drainage and were
considered pristine, whereas others were severe-
ly polluted. Most of the streams had slopes of 2
to 6%, and stream substrata consisted of cobble,
gravel, and boulder. Study sites were situated in
well-lit riffles, which was the dominant habitat
type of most of the streams. The hydrographs
of the streams are dominated by snowmelt,
which occurs predominantly during May and
June and is accompanied by peak concentrations
of DOC and low algal biomass caused by scour
and turbidity. Measurements for this study were
conducted during baseflow, in late August to
early September of 1998, when algal biomass
had become established in pristine streams.

Abiotic and biotic characteristics of streams

The measurement of abiotic variables (pH,
concentrations of metals and nutrients, rate of
metal oxide deposition) is described in detail by
Niyogi et al. (1999, 2001). pH was measured
with an ion-specific electrode. Water samples for
analysis of dissolved metals were filtered
through 0.45-mm filters, acidified with ultrapure
nitric acid, and analyzed by ICP-AES or AA
spectroscopy (Kimball et al. 1994). Additional
samples were analyzed as duplicates and spiked
samples (every 10 samples). Among dissolved
metals, concentrations of Zn were commonly in
excess of US Environmental Protection Agency
aquatic life criteria at most sites, whereas con-
centrations of other metals usually were not.
Consequently, Zn was the only metal to be in-
cluded in data analysis as a measure of stress.
The detection limit for Zn in our analyses was
5 mg/L.
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FIG. 1. Study areas in Colorado, USA. Numbers of pristine sites and sites affected by mine drainage in each
study area are listed.

The rate of metal oxide deposition was esti-
mated as the rate of accumulation of deposits
on cobbles placed in streams for known periods
of time. Cobbles used for this purpose were re-
moved from the stream, brushed clean, and
placed in areas of moderate stream velocity
(surface velocity 10–30 cm/s). The cobbles were
left in the stream for 4 to 8 wk, at which time
they were removed, placed in plastic bags, and
transported to the laboratory. Deposits from the
upper surface of the cobbles were brushed into
a tared weighing boat for determination of dry
and ash mass. The upper surfaces of the cobbles
were covered with aluminum foil, which was
then weighed, and converted to area by use of
standardized (100-cm2) squares (Steinman and
Lamberti 1996). Deposition rates were calculat-
ed as the mass of ash material accumulated on
cobbles per unit of surface area per unit time.
Deposited material from most sites was acid-
digested and analyzed (Kimball et al. 1994) to

confirm that the deposits were composed of ox-
ides of Fe and Al.

Water samples for analyses of nutrients and
DOC were filtered through glass-fiber filters
(Whatman GF/F, nominal pore size 5 0.7 mm)
and analyzed by standard protocols (Lewis et
al. 1984). NH4

1-N was measured by a phenol
hypochlorite colorimetric test, NO3

2-N was
measured by ion chromatography, and soluble
reactive P (SRP) was measured by an acid mo-
lybdate colorimetric procedure. DOC was ana-
lyzed by high-temperature combustion using a
Dohrman DC-190 analyzer. Detection limits
were determined as the lowest standard that
could be detected reliably above background,
and were as follows: NH4

1-N 5 2 mg/L, NO3
2-

N 5 2 mg/L, SRP 5 1 mg/L, and DOC 5 0.2
mg/L.

Biomass of primary producers in the epilithon
was estimated as the amount of chlorophyll a
per unit area of substrate. Algae were scraped
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from cobbles and filtered onto glass-fiber filters,
which then were ground with a glass homoge-
nizer, extracted with hot ethanol, and analyzed
spectrophotometrically for mass of chlorophyll
a after correction for phaeophytin (Lewis et al.
1984).

Thymidine incorporation

Thymidine incorporation into DNA was mea-
sured on unglazed, ceramic tiles that had been
in the stream for at least 6 wk to allow epilithic
communities to become established. Tiles were
placed in containers with stream water and re-
turned to the laboratory, where thymidine in-
corporation by epilithic bacteria was measured
within 12 h as described by Findlay (1993). Tri-
tiated thymine (0.6 nmol thymidine, 3H-methyl,
specific activity 5 35 mCi/nm) was added to a
tube containing 20 mL of filtered stream water
and one tile (2.5 3 2.5 cm). Incubations were
conducted in the dark at 108C and lasted 2 h,
after which time formalin was added. Prelimi-
nary trials indicated that thymidine incorpora-
tion was linear over a 4-h period. Formalin was
added at the beginning of incubation for some
samples, which served as killed controls to cor-
rect for abiotic processes that lead to labeled
thymidine being present in DNA extracts. Sam-
ples were filtered after incubation, and the tile
and filter were shaken with alkaline extract (0.3
N NaOH, 0.1% SDS, 0.025 M EDTA) overnight.
DNA was precipitated by addition of cold tri-
chloroacetic acid (TCA) and washed several
times with 5% cold TCA. The DNA was then
hydrolyzed with heat and counted by liquid
scintillation, with quench correction. Rates of
thymidine incorporation are reported as pmol of
tritiated thymidine incorporated into DNA per
cm2 substrate (tile) per hour, corrected for killed
controls.

Nitrification potential

Nitrification potential was measured for mi-
crobes on gravel (8–32 mm) collected from the
stream and incubated in the laboratory (150 g
of gravel in 100 mL of stream water). Gravel siz-
es did not vary visually among sites. Excess
NH4

1 (final concentration of ;1 mg N/L) was
added to ensure that free NH4

1 was available to
nitrifying bacteria after sorption and uptake by
algae and heterotrophic bacteria. Incubations

were conducted in the dark at 108C and lasted
1 to 2 d; containers were gently shaken during
incubation. Water from the containers was then
filtered (Whatman GF/F filter, nominal pore
size 5 0.7 mm) and analyzed for NO3

2 and NO2
2

by ion chromatography. Concentrations of NH4
1

also were measured (as described above) in test
containers at the end of incubations to ensure
that NH4

1 was not limiting nitrification. Blanks
(stream water only) and killed controls always
showed undetectable changes in concentration
of NO3

2. Rates of nitrification potential are re-
ported as the increase in NO3

2-N per gram of
gravel per day.

The effects of nitrogenous and non-nitroge-
nous organic matter on nitrification rates were
tested for gravel taken from one pristine site
(Deer Creek, Summit County; see McKnight
and Feder 1984 for site description). We hypoth-
esized that algal organic matter (biomass or ex-
udates) may lead to high rates of nitrification
because its low C:N ratio allows NH4

1 to be
available to both heterotrophic and nitrifying
bacteria. Labile organic C sources without any
N inhibit nitrification because heterotrophic bac-
teria outcompete nitrifiers for NH4

1 (Strauss and
Lamberti 2000, 2002). Glucose was chosen as a
non-nitrogenous, labile C source, and glutamate
was used as a surrogate for algal organic matter
(labile, low C:N). The control had no additions
of NH4

1 or C, and thus was a measure of net
nitrification (net increase in NO3

2 over time).
One treatment had NH4

1 added (to 1 mg N/L),
which was the same treatment as in the nitrifi-
cation potential measurements described above.
The 2 other treatments had glucose or glutamate
(Na salt) added to achieve a final concentration
of 20 mg C/L in the test containers.

Data analysis

The effects of stressors from mine drainage
and other variables on bacterial processes were
analyzed by simple and multiple linear regres-
sion using SAS (release 8.00, SAS Institute, Cary,
North Carolina). In addition, logistic regression
was used to examine the effects of pH on nitri-
fication, which exhibited a threshold response to
low pH. Given the effect of low pH on nitrifi-
cation (see Results), low pH (,6) was then in-
cluded as a categorical variable in further anal-
yses using multiple regression. Data were trans-
formed as necessary to improve consistency
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with assumptions of parametric statistics. A full
stepwise regression procedure was used to de-
termine best predictive models. The stepwise
procedure added and retained independent var-
iables to the model if they were significant at p
, 0.10. Results from the stepwise procedure
were compared to a best subsets procedure
(given the reduced number of variables) to en-
sure consistency between methods. Collinearity
among independent variables was checked by
calculating variance inflation factors (VIF) in the
regressions. All VIF values from our regressions
were ,2, indicating collinearity did not have
large effects on the results of the regressions.

A path analysis (Schumacker and Lomax
1996) was also done for each bacterial process
to test an overall model of direct and indirect
effects of mine drainage as predicted by previ-
ous studies (e.g., Rudd et al. 1988, Kaplan and
Bott 1989, Sobczak 1996). Specifically, we ex-
pected thymidine incorporation to be affected
directly by low pH, and indirectly by effects on
algal biomass and DOC. Metal oxide deposition
was negatively related to both algal biomass
and DOC in previous studies (McKnight et al.
1992, Niyogi et al. 2002). Our model of nitrifi-
cation potential predicted that low pH and ele-
vated Zn would affect nitrification, as would in-
direct effects through algal biomass. Path anal-
ysis allows one to examine the statistical valid-
ity of a given model of relations among
variables. The overall fit of our models was eval-
uated by the Normed Fitted Index (NFI) of Ben-
tler and Bonnet (1980). An NFI value $0.90 is
considered acceptable. Path analysis also allows
one to compare pathways of effects on a re-
sponse variable. Standardized regression coef-
ficients are calculated for causal relationships in
the proposed model, and correlation coefficients
are determined for relationships between inde-
pendent variables. The magnitude of an indirect
effect can be estimated by multiplying path co-
efficients (either standardized regression or cor-
relation coefficients) in a series of paths. Path
analysis was used in this manner to compare
direct and indirect effects of mine drainage on
bacterial processes.

Results

Water chemistry

The pH of the study sites ranged from 2.7 to
7.8, concentrations of dissolved Zn ranged from

,0.01 to 80 mg/L, and the deposition rate of
metal oxides ranged from ,0.01 to 1.2 g m22

d21 (Figs 2–4). All of the pristine sites had cir-
cumneutral pH (7–8), low concentrations of Zn
(,0.05 mg/L), and low rates of deposition
(,0.01 g m22 d21) of metal oxides or other in-
organic material. Concentrations of NH4

1 usu-
ally were low (,5 mg N/L); however, one site
had very high NH4

1 (460 mg N/L), and 2 sites
with low pH had high concentrations of NH4

1

(25 and 82 mg/L). Concentrations of NO3
2 var-

ied from undetectable (,2 mg N/L) to 210 mg
N/L. SRP concentrations usually were low (,5
mg/L), but 2 sites with very low pH (,3) had
high SRP (56 and 81 mg/L). DOC ranged from
0.2 to 3.8 mg/L, and algal biomass ranged from
,1 to 144 mg chlorophyll a/m2 (Figs 2, 3).

Thymidine incorporation

Thymidine incorporation ranged from 0.055
to 0.205 pmol thymidine cm22 h21 at pristine
sites and from 0.005 to 0.161 pmol thymidine
cm22 h21 at sites affected by mine drainage (Fig.
2). Of the stressors from mine drainage (pH, Zn,
metal oxide deposition), metal oxide deposition
was most closely related to the rate of thymidine
incorporation (R2 5 0.39). Deposition of metal
oxides was significantly negatively related to
rates of thymidine incorporation. Thymidine in-
corporation was also significantly related to pH.
Most sites with low pH had low rates of thy-
midine incorporation, but 3 sites with pH ,5
had rates comparable to those of pristine sites
(.0.050 pmol thymidine cm22 h21). Thymidine
incorporation was not significantly related to
concentration of Zn. Several sites with high con-
centrations of Zn had high rates of thymidine
incorporation.

Thymidine incorporation was significantly
positively related to algal biomass and DOC
concentration (Fig. 2). A stepwise regression
procedure indicated that pH, algal biomass, and
DOC together explained 59% of the variation in
thymidine incorporation (Table 1). Although
metal oxide deposition entered first into the
stepwise model, it was removed once algal bio-
mass and DOC were included in the regression.
Metal oxide deposition was negatively related to
both algal biomass and DOC (Fig. 4). Low pH
had a negative effect on thymidine incorpora-
tion after accounting for the effects of algal bio-
mass and DOC. No other variables, including
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concentrations of inorganic nutrients (N, P),
stream width, and location (areas shown in Fig.
1), were significantly related to thymidine in-
corporation in the final model.

The path analysis for thymidine incorporation
(Fig. 5) illustrates how mine drainage affected
thymidine incorporation either directly by low
pH or indirectly through effects of metal oxide
deposition on algal biomass and DOC. Algal
biomass was the strongest predictor for thymi-
dine incorporation, followed closely by DOC.
The indirect effects of metal oxide deposition on
thymidine incorporation were 0.54 (0.68 3 0.44
5 0.30 via algal biomass and 0.66 3 0.36 5 0.24
via DOC), whereas the direct effect of pH was
0.32. Thus, indirect effects of mine drainage
were greater than direct effects in predicting
thymidine incorporation as revealed by path
analysis. pH also was related to metal oxide de-
position (correlation coefficient 520.53) because
it influences the solubility of metal oxides, so
pH indirectly affects biological responses (algal
biomass, thymidine incorporation) because of its
relation to metal oxide deposition. The calculat-
ed NFI value for this model was 0.96, indicating
a very good fit to the data.

Nitrification potential

Nitrification potential ranged from 0.04 to
0.37 mg N g21 d21 at our 11 pristine sites and
from undetectable (,0.002 mg N g21 d21) to 0.24
mg N g21 d21 at 26 sites that were affected by
mine drainage. Nitrification potential was un-
detectable at all 8 sites with pH ,5.3 (Fig. 3).
Nitrification potential also was undetectable at
2 sites that had neutral pH and concentrations
of dissolved Zn .2 mg/L. Nitrification was de-
tectable at all other sites.

Low pH had a significant effect on whether
nitrification was detectable or not in a logistic
regression (Wald x2 5 6.74, df 5 1, p 5 0.009).
Low pH (,6) was included as a categorical var-
iable in a multiple regression to see what other
factors influenced nitrification potential at our
sites. In addition to low pH, Zn and algal bio-
mass also were related (p , 0.001 and p 5 0.056,
respectively) to nitrification potential (Table 1).
These 3 variables explained 77% of the variation
in nitrification potential across all sites.

For sites with detectable nitrification, nitrifi-
cation potential was significantly negatively re-
lated to concentration of dissolved Zn (R2 5

0.39), but not to metal oxide deposition or DOC
concentration (Fig. 3). Nitrification potential was
also positively related to algal biomass, but one
site with a high concentration of NH4

1 (460 mg
N/L) had low algal biomass and a high rate of
nitrification. When this site was excluded from
analysis, algal biomass explained 43% of the
variation in nitrification potential. Algal biomass
and Zn concentration together accounted for
61% of the variation in nitrification potential at
sites with detectable nitrification (Table 1).

The addition of C and N to gravel from Deer
Creek, a pristine stream, led to significantly dif-
ferent rates of nitrification. Net nitrification was
detectable at this site (0.035 mg N g21 d21). When
NH4

1 was added at the concentration used for
measures of nitrification potential, the rate of ni-
trification (0.11 mg N g21 d21) was ;3 times
higher. However, with the addition of glucose
(no NH4

1 added), the net rate of nitrification
(20.025 mg N g21 d21) was ,0; the initial con-
centration of NO3

2 in the incubation water was
80 mg N/L and the final concentration was un-
detectable (,2 mg N/L). The rate of nitrification
(0.10 mg N g21 d21) after the addition of gluta-
mate (no NH4

1 added) was significantly higher
(ANOVA, p , 0.01) than for the glucose treat-
ment or the control and similar to the rate when
NH4

1 was added.
The path analysis for nitrification potential

(Fig. 5) illustrates how mine drainage affected
nitrification either directly by low pH and Zn or
indirectly through effects on algal biomass. Low
pH (as a categorical variable) and Zn were
strong predictors for nitrification, and algal bio-
mass was also important. The indirect pathway
of metal oxide deposition affecting nitrification
(via algal biomass) was only 0.10 (0.61 3 0.17),
whereas the direct effects of pH and Zn were
much higher (path coefficients of ;0.50). The
calculated NFI value for this model was 0.95,
indicating a good fit to the data.

Discussion

Thymidine incorporation

The rate of thymidine incorporation mea-
sured in pristine streams in our study is com-
parable to rates measured in other streams (Os-
good and Boylen 1990, Sobczak 1996). Bacterial
biomass and production in streams often are re-
lated to algal biomass (Goulder 1988, Kaplan
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FIG. 2. Rate of thymidine incorporation versus pH, Zn, metal oxide deposition, algal biomass (chlorophyll
a), and dissolved organic C (DOC). NS 5 not significant (p . 0.05).

and Bott 1989, Sobczak 1996, Ledger and Hil-
drew 1998, Romanı́ and Sabater 1999, Rier and
Stevenson 2001) or DOC concentration (Bott et
al. 1984, Sobczak 1996), as in our streams. DOC
serves as a substrate for bacteria, and algal bio-
mass may stimulate growth of epilithic bacteria
through exudation of labile DOC (Haack and
McFeters 1982, Neely and Wetzel 1995). Algae
may also provide additional surface area for at-
tachment of bacteria. Addition of glucose or nu-
trients (N, P) during 2-h incubations of tiles
from several of our sites did not stimulate thy-
midine incorporation (DKN, unpublished data),
but longer incubations may be necessary to in-

crease bacterial biomass and production (e.g.,
Sobczak 1996).

The negative correlation between metal oxide
deposition and thymidine incorporation most
likely was related to low algal biomass (chloro-
phyll a concentration) at sites with high rates of
metal oxide deposition (Fig. 4, Niyogi et al.
2002). Also, metal oxides can adsorb DOC
(McKnight et al. 1992), especially compounds
with aromatic moieties and carboxylic acid
functional groups. The sorption process could
affect bacterial production, depending on the
bioavailability of this fraction of DOC. If the
sorbed DOC was biologically labile (Meyer et al.
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FIG. 2. Continued.

1987, Volk et al. 1997), metal oxides could neg-
atively affect bacterial production.

Low pH generally had a negative effect on
thymidine incorporation after the effects of
DOC and algal biomass were taken into account
(Table 1). Low pH has been associated with low
rates of epilithic thymidine incorporation in oth-
er studies (Palumbo et al. 1987, Osgood and
Boylen 1990). Low pH also reduced bacterial
production on leaf litter undergoing decompo-
sition in acidic streams (Mulholland et al. 1987,
Osgood and Boylen 1992). In another study,
however, uptake of glucose by epilithic bacteria
was higher in a stream of low pH (2.9) than a
stream of neutral pH (Mills and Mallory 1987).
Three of the sites in our study had low pH (,5)
but high rates of thymidine incorporation. Thus,
acidity often has a negative association with
bacterial production, but there are exceptions
where epilithic bacteria appear able to be pro-
ductive despite low pH. High amounts of algal
biomass or DOC at such sites may compensate
for the stress from low pH. In addition, the loss
of grazing protists and animals may allow
greater bacterial biomass to develop than would
otherwise be present in pristine conditions. A
reduction in grazing pressure contributes to in-

creased algal biomass and function in streams
stressed by low pH or metals (Elwood and Mul-
holland 1989, Niyogi et al. 2002).

Concentrations of dissolved Zn were not sig-
nificantly related to thymidine incorporation
when pH, DOC, and algal biomass were taken
into account. In fact, thymidine incorporation
was higher at 2 sites with elevated Zn (.1 mg/
L) than in pristine streams nearby. These sites
also had higher algal biomass than the pristine
streams. In another study, thymidine incorpo-
ration was not affected by high concentrations
of Zn at 2 sites downstream from a Zn factory
(Admiraal et al. 1999). A community of Zn-tol-
erant bacteria may develop and be productive
at sites where Zn concentrations are high (Hor-
ner and Hilt 1985, Dean-Ross 1991, Admiraal et
al. 1999). As in streams with low pH, a reduc-
tion in grazing and an increase in algal biomass
in Zn-contaminated streams may compensate
for stress from the high Zn in such environ-
ments.

Nitrification

We measured rates of potential nitrification
because rates of net nitrification were 0 (or ,0)
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FIG. 3. Rate of nitrification potential versus pH, Zn, metal oxide deposition, algal biomass (chlorophyll a),
and dissolved organic C (DOC). Regression lines and statistics do not include sites where nitrification was
undetectable (see text). Regression line for algal biomass does not include outlier with high NH4

1 concentration.
NS 5 not significant (p . 0.05).

at several of our study sites; uptake of NO3
2 by

N-limited biota led to negative or undetectable
rates of net nitrification (data not shown). Nitri-
fication potential was measurable even at pris-
tine sites with undetectable inorganic N (,2
mg/L NO3

2 and NH4
1). Thus, populations of ni-

trifying bacteria at such sites probably compete
with algae and heterotrophic bacteria for NH4

1

that is transiently available from mineralization.

Recent studies using stable isotopes of N sup-
ported similar conclusions (e.g., Dodds et al.
2000, Peterson et al. 2001).

The nitrification potentials reported here gen-
erally are lower than nitrification rates mea-
sured in aquatic sediments (0.8–49 mg N g21 d21,
reviewed in Strauss and Dodds 1997). These re-
sults were expected because gravel has much
less surface area per unit mass than the fine sed-
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FIG. 3. Continued.

iments in lakes and springs where most mea-
surements have been made. Rates of nitrification
per unit mass for coarse sand from streams in
this study were 2 to 5 times higher than for
gravel (DKN, unpublished data).

The concentration of NH4
1 often controls the

rate of nitrification in aquatic systems (Triska et
al. 1990, Jones et al. 1995, Strauss and Dodds
1997, Strauss and Lamberti 2000). In our study,
one site with a very high concentration of NH4

1

also had a high rate of nitrification. Concentra-
tions of NH4

1 were usually very low at other
sites, and were not related to nitrification poten-
tial. Nitrification rates also can be controlled by
dissolved O2 concentrations in some streams
(Cooper 1984, Kemp and Dodds 2001), but O2

probably did not limit nitrification on gravels in
the well-aerated mountain streams of our study.
Although additions of DOC can limit the rate of
nitrification in stream sediments (Strauss and
Lamberti 2000, and see below), we did not see
a significant relationship between nitrification
potential and DOC across our sites, which had
a fairly narrow range of DOC.

Nitrification in aquatic systems appears to be
inhibited below a threshold of pH ;6 and was
undetectable at all sites of pH ,5.3 in this
study. Similarly, Rudd et al. (1988) found that
nitrification became inhibited in 2 lakes as pH
was lowered experimentally to ,6. Nitrification
also was undetectable in 2 mountain streams
with pH ,5 (Kopáček and Blažka 1994). These
results indicate that nitrifying bacteria in
streams cannot sustain nitrification at low pH,
although some nitrifiers can tolerate transient
episodes of low pH (Kopáček and Blažka 1994,
DKN, unpublished data). Nitrification can occur
in acidic soils (De Boer and Kowalchuk 2001),
although the rate is often reduced compared to
neutral pH. Nitrifying bacteria oxidize union-
ized NH3, which decreases in concentration (in
an acid–base relation with NH4

1) as pH decreas-
es. Thus, substrate limitation at low pH may af-
fect the growth of nitrifiers (Prosser 1989). How-
ever, other factors, including toxicity, may also
account for reduced (or totally inhibited) nitri-
fication at low pH.

Nitrification also was undetectable at 2 sites
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FIG. 4. Algal biomass (chlorophyll [chl] a concentration) and dissolved organic C (DOC) concentration versus
rate of metal oxide deposition for sites used in analysis of thymidine incorporation.

TABLE 1. Multiple regression analysis of thymidine incorporation and nitrification potential. DOC 5 dis-
solved organic C.

Dependent variable df
Overall

R2
Overall
p-value

Independent
variable

Stan-
dardized

regression
coefficient p-value

Rate of thymidine incorporation 3,33 0.59 0.001 pH
Algal biomass
DOC

0.32
0.44
0.36

0.022
0.001
0.014

Nitrification potential 3,33 0.77 0.001 Low pH
Zn concentration
Algal biomass

20.52
20.50

0.17

0.001
0.001
0.056

Nitrification potentiala 2,23 0.61 0.001 Algal biomass
Zn concentration

0.51
20.46

0.001
0.003

a Sites with undetectable nitrification and one outlier (see Fig. 3) not included

in our study that had neutral pH but high con-
centrations of dissolved Zn (.2 mg/L). Where
it was detectable, nitrification potential was neg-
atively related to Zn (Fig. 3). Nitrifying bacteria

are sensitive to elevated concentrations of met-
als in soils (Dusek 1995, Singha et al. 1998). Be-
cause nitrifying bacteria are sensitive to low pH,
metals, and other toxic chemicals (Smith et al.
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FIG. 5. Path analyses of the effects of mine drainage on thymidine incorporation (left) and nitrification
potential (right). Double-headed arrows indicate correlations (numbers are correlation coefficients, r). Single-
headed arrows indicate suggested causal relationships (numbers are standardized regression coefficients). The
thickness of an arrow indicates the magnitude of the correlation or standardized regression coefficient. R2 is
the coefficient of determination, and U indicates residual variation. pH was included as a categorical variable
in path analysis for nitrification potential depending on whether it was above or below 6 (see text). The 37 sites
for the two processes were not identical, so correlation coefficients (between stressors) differ between the 2 data
sets. DOC 5 dissolved organic C.

1997, Laursen and Carlton 1999), nitrification is
often one of the first ecosystem processes to be
disrupted under chemical stress (Schindler 1990,
Niyogi 1999).

We observed a close linkage between algal
biomass and nitrification in our streams (Fig. 3).
Ammonium was usually low and was not sig-
nificantly related to either algal biomass or ni-
trification. Although bacterial production often
is related to algal biomass, it is not obvious why
nitrification was related to algal biomass. High
concentrations of C often depress nitrification in
sediments (Strauss and Dodds 1997, Strauss and
Lamberti 2000) because heterotrophic bacteria
may outcompete nitrifying bacteria for NH4

1

that becomes available through mineralization.
Algal biomass in streams, however, has a lower
C:N ratio than detrital organic matter in most
sediments. Consequently, upon mineralization
of algal biomass or exudates, heterotrophic bac-
teria may release NH4

1, which would then be
available to nitrifiers. By this mechanism, nitri-
fiers may occur in greatest abundance at sites
with highest algal biomass because nitrifying
bacteria indirectly rely on algae for NH4

1 (Jones

et al. 1995). This mechanism was tested in the
present study by the addition of glutamate, a
surrogate for algal-derived C (C:N 5 5), to
stream gravels. The addition of glutamate stim-
ulated nitrification, whereas the addition of glu-
cose led to a negative rate of net nitrification
(net uptake of NO3

2). Glucose probably stimu-
lated growth of heterotrophic bacteria, which
then took up all available N (NH4

1 and NO3
2).

Thus, the N content of dissolved organic matter
is important in determining its effect on nitri-
fication rates (Jones et al. 1995, Strauss 1999).

Implications

We measured 2 bacterial processes in moun-
tain streams. Much of the variation in thymidine
incorporation (59%) and nitrification potential
(77%) across sites was accounted for by stress-
ors related to mine drainage (pH, Zn, metal ox-
ide deposition) or other stream characteristics
(algal biomass, DOC). The 2 processes, however,
responded differently to the stressors from mine
drainage. Nitrification was undetectable at all
sites with low pH and 2 circumneutral sites
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with high Zn, whereas thymidine incorporation
was affected somewhat by low pH but was not
related to Zn (at concentrations measured at our
study sites). Just as different taxa of inverte-
brates have varying sensitivities to stressors
from mine drainage (e.g., Clements 1994), bac-
teria that control different processes also have
different sensitivities. Thymidine incorporation
measures growth of the heterotrophic bacterial
community, which includes a variety of taxa
with varying sensitivities to stressors from mine
drainage. Nitrification, on the other hand, is
conducted by a more restrictive group of che-
moautotrophic bacteria, which are sensitive to a
variety of stressors.

Because our results are based mainly on sta-
tistical relations, we cannot confirm the exact
mechanisms by which acid mine drainage af-
fects bacterial processes. The data indicate, how-
ever, that mine drainage affected bacterial pro-
cesses both directly and indirectly (Fig. 5). In
addition to direct effects of low pH and Zn,
both thymidine incorporation and nitrification
potential were indirectly affected by mine
drainage through its effects on algal biomass
(Fig. 4, Niyogi et al. 2002), which probably acts
as a source of DOC and mineralized NH4

1 to
bacteria.

The disruption of bacterial production and ni-
trification affects C and N cycling in streams.
Heterotrophic bacteria contribute to the turn-
over of organic matter and can support higher
trophic levels (Meyer 1994, Hall and Meyer
1998). Thymidine incorporation in our streams
was less sensitive to stressors from mine drain-
age than some invertebrates (Clements 1994, Ni-
yogi et al. 2001) or fish (Kelly 1988), so reduced
bacterial production in streams affected by mine
drainage probably would not affect higher tro-
phic levels as much as direct effects (e.g., toxic-
ity) to animals. Because thymidine incorpora-
tion was closely related to algal biomass, we
would expect this bacterial process to have sim-
ilar responses and thresholds to mine drainage
as algae (Niyogi et al. 2002).

In contrast to thymidine incorporation, nitri-
fication was more sensitive than some inverte-
brate taxa (e.g., shredders, Niyogi et al. 2001).
Thus, nitrification may be disrupted at levels of
stress similar to those that affect structural in-
dicators of stream health. Given the established
sensitivity of nitrifying bacteria, nitrification is
used as an indicator of metal toxicity in soils

(Cela and Sumner 2002), and we suggest that it
can serve a similar purpose in streams affected
by low pH or various toxins. Our protocol for
nitrification potential in streams was simple and
inexpensive compared to the measures of thy-
midine incorporation.

The reduction of nitrification in streams may
increase concentrations of NH4

1 (as seen in
some of our streams with low pH), which gen-
erally is taken up faster than NO3

2 in streams
(Peterson et al. 2001). Alternatively, NO3

2 can
serve as a terminal electron acceptor in denitri-
fication, and the loss of nitrification in stressed
streams may decrease rates of denitrification,
which can control the amount of N transported
downstream. Consequently, the overall effects of
reduced nitrification in stressed streams can be
complex and warrant further study.
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